Abstract. Nitric oxide (NO) is a relatively short-lived trace gas that reacts with oxygen in the troposphere to produce the air pollutant ozone. It also reacts with water vapor to form nitric and nitrous acids, which acidify precipitation and increase N deposition. Models currently used to predict soil NO fluxes are based on the assumption that NO flux is proportional to the gross rate of nitrification or N mineralization; however, this assumption has not been tested because of the difficulty in measuring gross N-cycling rates in situ. We measured soil NO fluxes, gross and net N-cycling rates, and a variety of other soil characteristics in the forest floor and intact soil cores at nine undisturbed forest and rangeland ecosystems of New Mexico, Utah, and Oregon, USA, to determine which soil variables were most closely related to soil NO flux. Soil NO fluxes ranged from a low of 0.02 ng N·m Ϫ2 ·s
INTRODUCTION
Soil production of the trace nitrogen gas nitric oxide (NO) has received increasing attention over the past two decades, because this gas has significant adverse environmental effects. Nitric oxide is a relatively shortlived trace gas that reacts with O 2 in the troposphere to produce the air pollutant ozone (O 3 ) (Logan 1983) . It also reacts with water vapor to form nitric and nitrous acids, which acidify precipitation and increase N deposition. Attempts to develop regional and global budgets for trace gases have been hampered by the limited amount of information on NO fluxes from many ecosystems. For example, in a recent literature review, Davidson and Kingerlee (1997) mates of NO fluxes from temperate forest ecosystems. Attempts to model trace N gas fluxes have also had limited success, because we lack mechanistic information on what controls trace gas flux from soils in a variety of ecosystems (Matson 1997, Venterea and Rolston 2000) .
One of the difficulties encountered when modeling trace gas flux is that the gas production may result from several different processes. Autotrophic nitrification is the primary source of NO in most well drained soils (Anderson et al. 1988 , Bollmann and Conrad 1998 , Godde and Conrad 1998 , Smart et al. 1999 , Wolf and Russow 2000 ; however, at low pH, heterotrophic nitrification (Papen et al. 1989) or autodecomposition of nitrite may be significant NO sources Davidson 1989, Conrad 1996) . In soils with poor aeration, denitrification may also produce small amounts of NO (Conrad 1996) .
The most widely used conceptual model of trace N gas flux from soils is the ''hole-in-the-pipe'' model proposed by Firestone and Davidson (1989) (Fig. 1) . This model suggests that trace N gas production in soil NO EMISSIONS IN FORESTS AND RANGELANDS FIG. 1 . ''Hole-in-the-pipe'' conceptual model of trace N gas production in soil. Modified from Firestone and Davidson (1989) .
is regulated at three levels. The first is the ''flow through the pipe,'' or the gross rates of nitrification and denitrification, the two microbial processes that produce NO and nitrous oxide (N 2 O). Factors that increase gross nitrification or denitrification rates are predicted to increase trace N gas flux. The second level of regulation is the ''size of the holes in the pipes.'' These ''holes'' represent the factors that control partitioning of N among the end products. Such factors include the relative availability of oxidants (O 2 , NO 3 Ϫ ) and reductants (reduced carbon compounds), temperature, pH, as well as factors that might uncouple intermediate compounds from enzymes or otherwise prevent nitrification and denitrification from progressing to completion. Once NO is produced in a soil microsite, it must move to the soil surface before it can be emitted. Therefore, transport processes represent a third level of regulation of trace-gas production. As the volume of water-filled pore space (WFPS) in soil decreases, diffusion and transport of gases increase. Upward movement of NO, N 2 O, and other gases produced in soils should thus increase as soil water content declines. Transport of O 2 into the soil will also increase, however, which may slow production rates of trace N gases. The net effect of increased WFPS on NO flux will depend on the balance between transport of NO out of the soil and how O 2 influences nitrification, denitrification, and partitioning of N among gaseous products. Davidson (1991) hypothesized that the fraction of WFPS in soil would control the relative amounts of NO, N 2 O, and N 2 , where at WFPS Ͻ0.6, NO would dominate because of rapid nitrification (which produces a high value of the ratio NO:N 2 O) and high transport rates. At WFPS levels ranging from 0.6 to 0.9, N 2 O would dominate, because moderately low O 2 tensions would lower the ratio NO:N 2 O produced during nitrification, but increase the ratio N 2 O:N 2 produced during denitrification; and at WFPS Ͼ0.9, N 2 would predominate, because an absence of O 2 would prevent nitrification and lower the ratio N 2 O:N 2 produced during denitrification.
A fourth level of regulation of NO emission, which is not specifically addressed by the hole-in-the-pipe model, is consumption by soil microorganisms (Davidson 1991) . As NO diffuses through the soil solution and gaseous phase, denitrifying bacteria in anaerobic microsites may use NO as a terminal-electron acceptor during electron transport (Firestone and Davidson 1989) . There is also evidence that NO may be oxidized to NO 2 Ϫ and NO 3 Ϫ in aerobic soil microsites (Baumgartner et al. 1996 , Rudolph et al. 1996 , Dunfield and Knowles 1997 . While soils exposed to high NO concentrations have been shown to be sinks for NO, only a few coarse-scale models have considered consumption of NO to be an important regulator of soil NO flux (e.g., Otter et al. 1999) .
Most recent simulation models designed to predict trace N gas emissions from soils assume that trace N gas production is a constant fraction of gross N-cycling rates (gross mineralization or gross nitrification), and that the relative partitioning of N among gaseous products is a function of WFPS, following a relationship similar to that described by Davidson (1991) . For example, Potter et al. (1996 Potter et al. ( , 1997 used the CarnegieAmes-Stanford model to simulate coarse-scale soil NO and N 2 O emissions, and assumed that trace N gas fluxes were equal to one percent of gross mineralization rates. However, they concluded that this percentage was a critical variable in the model, and that predictions might have been improved if the model had distinguished gross nitrification rates from gross mineralization rates. In a model by Parton et al. (2001) , N 2 O production is two percent of the gross nitrification rate and a variable portion of the denitrification rate. Nitric oxide production is then calculated based on a NO:N 2 O ratio that changes with WFPS and soil pore size distribution.
Very few researchers have actually examined the relationships between trace N gas flux and gross nitrification rates. A number of studies have found that NO and N 2 O fluxes are correlated with net mineralization rates, net nitrification rates, or soil NO 3 Ϫ concentrations (Robertson and Tiedje 1984, Matson and Vitousek 1987, Williams et al. 1988 , Verchot et al. 1999 , Davidson et al. 2000 , Hartley and Schlesinger 2000 . These correlations have been taken as evidence that emissions are a function of gross nitrification rates (Davidson and Schimel 1995 , Riley and Vitousek 1995 , Verchot et al. 1999 , Davidson et al. 2000 ; however, to truly evaluate the hole-in-the-pipe model, gross nitrification rates rather than net nitrification or mineralization must be measured, because it is gross nitrification that represents the flow through the first part of the pipe. Such data are limited, because measurement of gross N-cycling rates requires use of the 15 N isotope dilution technique, which is considerably more difficult and time consuming than techniques used to measure net rates (Hart et al. 1994) .
We are aware of only three field studies where gross nitrification rates were measured along with trace gas fluxes. Davidson et al. (1993a) measured gross rates along with NO and N 2 O fluxes at two sites in a seasonally dry tropical forest in southern Mexico and calculated that, on average, trace N gas flux at this site was 0.01-0.1% of the gross N mineralization rate. Davidson et al. (1993b) also measured rates beneath oak canopies and in open grassy areas in adjacent grazed and ungrazed pastures of a California annual grassland. Grazed plots beneath oaks had the highest mean rate for both NO flux and gross nitrification; however, there was no relationship between NO flux and gross nitrification among means from the other three locations. Within this site, NO fluxes ranged from 0.04% to 0.13% of gross nitrification rates. Riley and Vitousek (1995) measured trace N gas production and gross N-cycling rates in five Hawaiian montane rain forests. Unfortunately, consistent NO production was measured at only one of the sites, so NO flux could not be correlated with gross N-cycling rates or other soil characteristics. At the site where NO flux was detectable, NO flux was 0.03% of the gross N mineralization rate and 0.19% of gross nitrification.
In the current paper, we relate NO fluxes with soil C-and N-cycling characteristics across a wide range of forest and rangeland ecosystems of the western USA. We measured short-term NO fluxes and gross rates of nitrification, N mineralization, and inorganic N consumption, along with a variety of other soil characteristics. Our objective was to determine whether the gross nitrification rate is the most important soil variable determining NO emissions, and, if not, what other soil characteristics might be more predictive.
METHODS

Study sites
Nine sites in New Mexico, Oregon, and Utah were selected that represent a wide range of relatively undisturbed forest and rangeland ecosystems common in the western USA (Table 1 ; Stark and Hart 1997) . In mid-June 1993, NO fluxes, C-and N-cycling rates, and other soil characteristics were measured in pinyon-juniper, mixed conifer, and aspen forests in the Tesuque Watershed, 10 km north of Santa Fe, New Mexico. Soils of these ecosystems were formed from granitic parent materials and occur along an elevational transect ranging from 2400 to 3110 m elevation (Gosz 1980 , Vitousek et al. 1982 . In mid-August, measurements were made at five sites associated with the Oregon Transect Ecosystem Research project (OTTER transect; Gholz 1982 , Runyon et al. 1994 ). This transect consists of a series of sites extending eastward from the Oregon coast to central Oregon, within 44-45Њ N latitude. Parent material for soil at the coastal site (western hemlock/sitka spruce) is marine derived siltstone and shale, while soils of the interior sites are derived from volcanic ash and basalt. In early September, measurements were made at a sagebrush-steppe community in northern Utah (Smart et al. 1999) , located on soils formed in aeolian deposits. This series of nine sites spans almost the entire range of aboveground net primary production occurring in North America (1-13 Mg·ha Gholz 1982) .
Within each site, a 0.5-ha area was selected that was free of visible disturbance. Five locations were randomly chosen within this area for quantifying gross and net N-cycling rates and other soil characteristics. A 5 ϫ 5 m plot was selected in the center of the 0.5-ha area for trace gas flux measurements.
Nitric oxide flux measurements
Fluxes of NO and NO 2 from the soil surface were measured using soil covers connected to a chemiluminescent NO 2 detector (Scintrex, NO 2 analyzer, model LMA-3, Concord, Ontario, Canada) in a configuration similar to that described by . In this detector, a CrO 3 filter was used to convert NO in the air stream to NO 2 . The NO 2 reacts with a luminol solution and produces chemical luminescence, which is quantified using a photomultiplier tube. Four to eight polyvinyl chloride (PVC) rings (diameter, 25.5 cm; height, 12.0 cm) with beveled lower edges were placed on the forest floor surface. Fibrous forest floor material was cut with a knife around the perimeter of each ring so that the lower edge of the ring would contact the mineral soil. The ring was gently rotated and pressed into the mineral soil to a depth of ϳ1 cm. The rings were installed 2.5-4.0 h before the first measurement to minimize potential disturbance effects and were left in place between successive measurements. A PVC cover was machined to fit easily over the rings. To avoid pressure surges, the cover was carefully lowered over the ring prior to measuring soil gas fluxes. The chamber volume (ring plus cover) totaled 12 L. Gas was drawn through the chamber at a flow rate of 60-100 mL/min by a pump within the chemiluminescent detector. A separate stream of air (600-900 mL/min) was drawn through ascarite and drierite filters (to remove NO, CO 2 , and H 2 O) and mixed with the air flowing from the chamber to maintain the desired flow rate of 700-1000 mL/min at the detector. Stainless steel needle valves attached to mass flow meters (Sierra Instruments, model 821-1, Monterey, California, USA) were used to monitor and regulate flow through each pathway. Ambient air entered the chamber through inlet ports that had a combined area of 2.8 cm 2 . Even small pressure changes caused by flow of air through chambers may cause errors in estimates of trace gas flux. To minimize this source of error, we used an inlet area to chamber volume ratio similar to that recommended by Denmead (1979) .
Calibration of the detector with NO standards was performed in situ at the beginning and the end of the measurement period for each site. Tests for interfering gases (O 3 , peroxyacetylnitrate [PAN], CO 2 ) and for NO 2 showed that these gases were not detectable on any occasion, and that NO rather than NO 2 was the predominant form being measured. and Williams and Davidson (1993) found similar results.
Nitric oxide fluxes were determined by measuring changes in NO concentrations in chambers for 8-12-min periods, depending on flux rates. Measurements were initiated one minute after the cover was placed on the ring. While NO concentrations were being measured, additional 30-mL gas samples were collected through a septum in the cover using a syringe. These samples were stored in evacuated tubes until they could be returned to the lab, where they were analyzed for N 2 O and CO 2 using a Varian 3300 gas chromatograph (Varian, Walnut Creek, California, USA) equipped with electron capture and thermal-conductivity detectors. In all cases, however, N 2 O fluxes were below detection limits (Ͻ10 ng N 2 O-N·m Ϫ2 ·s Ϫ1 ). At the three New Mexico sites, N 2 O and CO 2 production from separate forest floor and intact soil core samples was also measured during 15 N isotopic dilution measurements. At the end of 24-h in situ isotopic dilution incubations, headspace gas was collected through septa in the lids of canning jars containing soil samples. These gas samples were also stored in evacuated tubes until they could be analyzed by gas chromatography for N 2 O and CO 2 .
After measuring ambient NO fluxes from each of the four to eight rings, one liter of distilled water was sprinkled over the soil surface inside each of the rings. This amount of water was equivalent to a 2-cm rainfall event. Water was added not only to see the effect of wetting on NO fluxes, but also to make soil moisture more similar to that created during gross N-cycling rate measurements (where 15 N solutions were added). The containers of water were buried in the soil nearby before use, so that the water temperature would equilibrate with soil temperature. Immediately after water addition, the cover was replaced on the ring, and the flux was measured for ϳ10 min. The cover was then removed until another 10-min flux measurement was initiated 55 min following addition of the water. Mean air temperatures and soil temperatures at 2 cm below the mineral soil surface were continuously recorded throughout the time NO fluxes were measured using thermistors and a 21X data logger (Campbell Scientific, Logan, Utah, USA).
Nitrogen-cycling rate measurements
At the five locations within each site, gross rates of N mineralization, nitrification, NH 4 ϩ consumption, and NO 3 Ϫ consumption were determined in forest floor material (O-horizon) and in intact 4.8-cm diameter by 15-cm deep mineral soil cores using 15 NH 4 ϩ and 15 NO 3 Ϫ isotope dilution (Hart et al. 1994) . Approximately 150 g fresh mass of forest floor material, consisting of all litter and organic debris above the mineral soil, was collected from the plots and placed in plastic bags. Twigs and branches Ͼ0.5 cm in diameter were removed, and the remaining material was broken up and homogenized by hand. A 5-to 10-g subsample was immediately extracted in 100 mL of 2-mol/L KCl solution for determination of initial NH 4 ϩ and NO 3 Ϫ concentrations. Kirkham and Bartholomew (1954) . Net rates were calculated from the change in inorganic N concentrations during the incubation. All rates were converted from a mass basis to an areal basis (mg N·m Ϫ2 ·d Ϫ1 ) using the mean mass of forest floor material per unit area at each site. In some cases, it was not possible to calculate gross rates in forest floor material, because inorganic N concentrations at the end of the incubation were too low for 15 N analysis; however, it was still possible to calculate net rates for these samples.
Gross N-cycling rates were determined in intact mineral soil cores using 15 N isotope dilution and a concentric-core sampling technique , Stark 2000 . After removing forest floor material, polycarbonate cylinders (diameter, 4.8 cm; length, 15 cm) were pounded into the mineral soil. A second, larger diameter cylinder (diameter, 10 cm; length, 15 cm) was then driven into the soil to surround the smaller core. The core pair was excavated, and the soil trapped between the two cylinders was immediately homogenized and extracted in 2-mol/L KCl (ϳ10:1 solution : soil mass ratio) to provide an estimate of initial NH 4 ϩ and NO 3 Ϫ concentrations in the inner soil core. The inner soil core was kept intact and injected with 16 mL of the same 15 N solutions used with the forest floor material. The 15 N solutions were injected into the soil cores using a syringe with a 15 cm long, 18-gauge side-port needle. First, the needle was inserted fully into the core, and then the syringe plunger was slowly depressed while the needle was being withdrawn. Eight 2-mL injections were made in each core to ensure that the solution was distributed uniformly throughout the entire soil core. A plastic cap was placed on the bottom of the soil core, the core was sealed in a one-liter canning jar, and the jar was reburied in the original plot for a 24-h in situ incubation. A second core pair was excavated and treated identically to the first core pair, except that the second inner core was extracted immediately (ϳ10 min) after injection of the 15 N solution. This extract was used to determine what fraction of the added 15 N would have been recovered in the target pool (e.g., NH 4 ϩ or NO 3 Ϫ ) at the beginning of the incubation. Time-zero pool sizes and 15 N enrichments in the intact incubated core were calculated based on the initial inorganic N concentrations measured in soil trapped between the inner and outer cores, the amount of 15 N added, and the 15 N recovery efficiency determined from the second core pair. At the end of the 24-h incubation, the jar containing the first soil core was excavated, a sample of the headspace was collected, and the soil was homogenized and extracted in 2-mol/L KCl to determine final inorganic N concentrations and 15 N enrichments. Within each plot, one set of cores was used for 15 NH 4 ϩ isotope dilution measurements, and another set of cores was used for 15 NO 3 Ϫ isotope dilution measurements. Gross inorganic N production and consumption rates were determined using the equations described by Stark (2000) . Gross N immobilization was calculated by subtracting net mineralization from gross mineralization. All rates were converted to an areal basis using the bulk density of Ͻ2 mm material in the 0-15-cm mineral soil layer measured at each plot.
All 2-mol/L KCl extracts were filtered and stored frozen until they could be analyzed. Concentrations of NH 4 ϩ and NO 3 Ϫ were determined colorimetrically using a Lachat flow-injection system (Lachat Instruments, Milwaukee, Wisconsin, USA). Extracts were prepared for 15 N analysis by a diffusion procedure (Stark and Hart 1996) . The 15 N enrichments were determined by continuous-flow, direct-combustion, and isotope ratio mass spectrometry using a Europa Scientific ANCA 2020 system (PDZ, Cheshire, UK).
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Soil characteristics
Gravimetric water contents of forest floor and mineral soil samples were determined by drying subsamples at 110ЊC for 36-48 h. Because water was added to the surface of the soil during NO flux measurements and the wetting front penetrated to varying depths, it was not possible to calculate water-filled pore space (WFPS) for these soils. Instead, WFPS was calculated for the intact mineral soil core samples based on the gravimetric water content after addition of the 15 N solution, the soil bulk density, and the soil organic matter content. Bulk density was calculated based on the mass of oven-dry, Ͻ2-mm soil contained in the 271-cm 3 polycarbonate cores used for isotope dilution measurements (after correcting for rock mass and volume). Mineral and organic fractions were assumed to have particle densities of 2.65 and 1.3 Mg/m 3 , respectively (Linn and Doran 1984) . These estimates of WFPS represent relative differences among sites rather the actual WFPS directly associated with the NO fluxes, because the method of water addition differed for NO flux and N-cycling rate measurements.
Total C and N were determined during direct-combustion and isotope ratio mass spectrometry of samples that had been dried at 70ЊC. Separate conversion factors were determined for each forest floor and mineral soil material for use in converting C and N concentrations to an oven-dry (110ЊC) basis. Soil pH was measured in 0.01 mol/L CaCl 2 (2:1 solution : soil mass ratio; Hendershot et al. 1993) .
Nitrification potential assays of forest floor and mineral soil were performed in the laboratory using the shaken soil slurry method (Hart et al. 1994 ). Approximately 10-15 g moist soil or forest floor material were continuously shaken with 100 mL of a dilute phosphate buffer containing 0.5 mmol/L (NH 4 ) 2 SO 4 . The nitrification potential rate was equal to the rate of NO 3 Ϫ accumulation during a 24-h incubation.
Statistical analyses
Prior to statistical analyses, all variables were tested for normal distributions using the Anderson-Darling test provided in the Minitab statistical software (Release 11.21; Minitab, State College, Pennsylvania, USA). All variables not showing normal distributions (P Ͻ 0.05) were successfully normalized by log 10 -transformation. Ambient NO fluxes, and fluxes five minutes and one hour after water addition were regressed against 34 soil and forest floor variables to (1) test whether gross rates of nitrification were correlated with NO fluxes; and (2) determine which soil characteristics were good predictors of NO fluxes. Because we lacked a priori hypotheses on relationships, linear regression models were always used with the transformed data. However, back-transformation of independent variables prior to graphing made several of the relationships nonlinear.
Many of the independent variables were correlated. Multicolinearity among the independent variables makes it difficult to sort out cause-and-effect relationships between the individual soil variables and NO fluxes. In addition, there are too many independent variables (34), relative to the number of sites where NO flux measurements were carried out (9), for valid use of multiple regression to determine which of the independent variables are the best predictors of NO flux. Therefore, a principal-components analysis (PCA) was used to reduce the number of variables to a few uncorrelated composite variables (principal components) representing C-and N-cycling trends across the nine sites. The first three principal components were then regressed vs. NO fluxes to test their ability to predict NO flux. All statistical analyses were performed using Minitab statistical software.
RESULTS
Ambient soil NO fluxes from the nine sites ranged from a low of 0.02 ng NO-N·m Ϫ2 ·s Ϫ1 at the western hemlock-sitka spruce forest on the Oregon coast to highs of 0.58 ng·m Ϫ2 ·s Ϫ1 at the aspen forest in New Mexico and 1.11 ng·m Ϫ2 ·s Ϫ1 at the sagebrush-steppe site in northern Utah (Table 1) . Addition of 2 cm of water caused an immediate increase in NO fluxes at almost all of the sites. Fluxes increased by 12-2200% during the 10 min immediately following wetting, except at the Oregon hemlock-spruce forest, where rates did not change, and at the New Mexico aspen forest, where rates declined by 61%. One hour after wetting, the elevated fluxes were either sustained or increased even further, except at the Oregon ponderosa pine and mountain hemlock-silver fir sites where they returned to near ambient rates. Fluxes five minutes and one hour after wetting were highly correlated (flux 1 h ϭ Ϫ0.03 ϩ 0.70flux 5 min ϩ 0.32(flux 5 min ) 2 ; r ϭ 0.89; P ϭ 0.009); however, neither was correlated with the ambient rate (P Ͼ 0.05).
Nitric oxide fluxes measured before water addition (ambient fluxes) were not correlated with any of the gross or net rate measurements (Table 2) . Ambient fluxes were positively correlated with pH and bulk density, and negatively correlated with soil organic carbon (SOC), clay content, ambient soil wetness, and postwetting water-filled pore space (WFPS). These relationships were strongly influenced by the low ambient fluxes measured at the Oregon hemlock-spruce and mountain hemlock sites (Fig. 2a-d) , with the exception of the relationship between NO flux and pH. These independent variables were also highly intercorrelated: Sites with higher pH (and higher NO fluxes) tended to have higher bulk density, lower initial water contents, lower WFPS following wetting, and less soil organic matter.
Nitric oxide fluxes following wetting were not correlated with gross nitrification rates in either the mineral soil or the forest floor material (Table 2 ; Fig. 3a , † Prior to regression, data were transformed as indicated to obtain normal distributions and equal variances. If no transformation is indicated, data remained untransformed.
‡ Dependent variable was NO flux either before addition of water (ambient), or five minutes or one hour after water addition. All NO flux data were log transformed.
§ N ϭ 9 for all variables except where a number indicates otherwise (N ϭ 6 or 8).
b). The only gross rate that was correlated with NO fluxes either five minutes or one hour after water addition was NO 3 Ϫ consumption in the forest floor. Sites with faster gross rates of NO 3 Ϫ consumption had lower NO fluxes (Fig. 3d) .
In contrast to gross rates, net rates were significantly correlated with NO fluxes following wetting. Net N mineralization and ammonification rates in the mineral soil and net nitrification rates in the forest floor were all positively correlated with fluxes five minutes and one hour after wetting (Table 2 ; Fig. 3c, e, f) . While the relationships between NO flux and both net mineralization and net ammonification appear to be strongly influenced by data from the Douglas-fir site, elimination of this site actually improved the fit (net mineralization, r 2 ϭ 0.83, P ϭ 0.002; net ammonification, r 2 ϭ 0.69, P ϭ 0.008). Nitric oxide fluxes following wetting were positively correlated with soil NO 3 Ϫ content, pH, and bulk density, but they were negatively correlated with SOC, soil C:N, ambient wetness, and WFPS (Table 2 , Fig. 4a-f) .
Principal-component analysis identified three composite variables that explained 75% of the variance in soil characteristics across the nine sites (Table 3) ) and various mineral soil characteristics. Curvilinear regression lines are the result of back-transformation of independent variables prior to plotting. See Table 1 for key to letter symbols.
was strongly influenced by net N mineralization rates, especially when they corresponded with high net nitrification rates and soil NO 3 Ϫ contents. For example, net mineralization, net ammonification, net nitrification, and soil NO 3 Ϫ all had highly positive loading rates in PC-1. Variables normally expected to be negatively correlated with net N mineralization, such as soil C:N, SOC, and forest floor mass all had highly negative loading rates in PC-1 (Fig. 5) . Other soil variables with high positive loading rates in PC-1 were either positively correlated with net mineralization or negatively correlated with SOC. For example, gross N mineralization in mineral soil is positively correlated with net mineralization (r ϭ 0.80), net ammonification (r ϭ 0.68), and net nitrification rates (r ϭ 0.80); nitrification potential is positively correlated with net nitrification (r ϭ 0.90); and pH and bulk density are negatively correlated with SOC (r ϭ Ϫ0.71 and Ϫ0.89, respectively).
The second (PC-2) and third (PC-3) principal components explained 23% and 15% of the variance in soil characteristics, respectively. The axis PC-2 represents somewhat of a textural gradient, with large positive loadings for clay and WFPS, and a large negative loading for sand; however, forest floor NO 3 Ϫ content also had a large negative loading (Table 3) . The axis PC-3 had large positive loadings for gross N immobilization, gross NH 4 ϩ consumption, and soil NH 4 ϩ contents, and a large negative loading for net ammonification in the forest floor. This axis appears to represent a continuum of sites where high soil NH 4 ϩ concentrations were associated with high rates of NH 4 ϩ assimilation, but not nitrification.
Nitric oxide fluxes measured prior to water addition were not correlated with any of the three principal components. In contrast, NO fluxes after wetting were positively correlated with the first principal component (fluxes five minutes after wetting, r ϭ 0.67, P Ͻ 0.05; fluxes one hour after wetting, r ϭ 0.89, P Ͻ 0.001; Table 2 , Fig. 6 ).
DISCUSSION
Our primary objective was to identify which soil characteristics are most important in regulating NO fluxes from forest and rangeland soils. In previous surveys of diverse ecosystems, NO fluxes were found to be positively correlated with net N-cycling rates and accumulation of NO 3 Ϫ (Williams and Fehsenfeld 1991, Ecology, Vol. 83, No. 8 FIG. 3 . Relationships between log-transformed values of NO fluxes (original data in ng N·m
) one hour after addition of water and various gross and net N-cycling rates in the mineral soil and forest floor. Curvilinear regression lines are the result of back-transformation of independent variables prior to plotting. See Table 1 for key to letter symbols. Davidson and Schimel 1995 , Serca et al. 1998 , Verchot et al. 1999 , Hartley and Schlesinger 2000 . It has been frequently assumed that higher net rates indicate higher gross nitrification rates, and thus, that NO fluxes are largely regulated by gross rates. Our study, which is the first to measure gross nitrification rates along with NO fluxes at a wide variety of sites, shows that this conclusion is incorrect. We did find that NO fluxes were correlated with net N-cycling rates, but they were not correlated with either gross nitrification or gross N mineralization.
Although NO fluxes were uncorrelated with gross nitrification rates, our results do provide evidence that the primary source of NO was nitrification, rather than denitrification or chemodenitrification. First, NO fluxes following wetting were negatively correlated with gross rates of NO 3 Ϫ consumption, rather than positively correlated as would be expected if denitrification were Table 1 for key to letter symbols.
occurring. Second, at all sites, N 2 O fluxes in the chambers were below detection limits, both before and after wetting. At the three New Mexico sites, we measured N 2 O accumulation in canning jars containing the forest floor material and soil cores, as well as in the chambers. By converting N 2 O production in the jars to an areal basis and summing N 2 O production from forest floor material and mineral soil, we calculate that N 2 O:NO ratios were ϳ0.39 at the aspen forest, ϳ0.12 at the mixed conifer forest, and ϳ0.007 at the pinyon-juniper woodland. Such low ratios of N 2 O:NO production suggest that nitrification was the predominant NO source, rather than denitrification (Firestone and Davidson 1989) .
Our results also indicate that chemodenitrification was not an important source of NO. Chemodenitrifi- Notes: Soil variables were included in PCA only when data were available for all sites (N ϭ 9). Data were transformed as indicated in Table 2. * P Ͻ 0.05; ** P Ͻ 0.005; significance level of loading rates. cation occurs at low pH when nitrite either autodecomposes or reacts with soil organic matter to form NO (Nelson 1982, Blackmer and Cerrato 1986) ; however, in our study soil materials that had high pH (and low organic matter) had the greatest NO flux (Fig. 4d) . Furthermore, intensive experiments at the sagebrushsteppe site showed that addition of NH 4 ϩ during wetting stimulated NO flux, but addition of either sucrose or NO 3 Ϫ had no effect on NO fluxes (Smart et al. 1999 ). All of these results are consistent with previous studies showing that nitrification is the predominant source of NO emissions from soils of temperate ecosystems (Anderson et al. 1988 , Skiba et al. 1992 , Smart et al. 1999 .
The lack of correlation between gross nitrification rates and NO flux indicates that the ''flow through the pipe'' is not the primary regulator of NO emissions. Our study included several coniferous forests with low pH, low NH 4 ϩ availability, and often, undetectable NO 3 Ϫ concentrations. These are ecosystems that would be expected to have extremely low nitrification rates. However, even at the sites with the lowest nitrification rates, gross nitrification rates were still Ͼ100-fold higher than ambient and postwetting NO fluxes. Because NO flux represents such a small fraction of the total product, even the lowest nitrification rates could decline further without limiting NO flux.
The few other studies that measured both gross nitrification rates and NO fluxes also failed to show significant positive relationships between NO fluxes and gross rates. In a laboratory study examining three agricultural soils, Venterea and Rolston (2000) found no correlation between NO fluxes and gross nitrification. Mean NO fluxes and gross nitrification rates reported by Davidson et al. (1993b) for four grazed and ungrazed plots in an oak woodland-annual grassland were not significantly correlated (P ϭ 0.16). Although Davidson et al. (1993a) concluded that NO flux and Ntransformation rates were related at their two study sites, their data show that the site with the highest NO flux actually had the lowest gross nitrification rate.
While post-wetting NO flux was uncorrelated with gross nitrification rate, it was strongly correlated with net mineralization, net ammonification, net nitrification, soil NO 3 Ϫ , pH, and bulk density (Table 2) . Nitric oxide flux was negatively correlated with gross NO 3 Ϫ consumption in the forest floor, soil organic carbon (SOC), and soil C:N ratio. The principal-components analysis (PCA) showed that these soil variables were intercorrelated and that NO fluxes increased along a gradient of increasing net N mineralization and nitrification, and decreasing soil C availability and C:N ratio.
These results, showing that NO fluxes were correlated with net rates, but not gross rates, indicate that the balance between inorganic N production and consumption is more important in regulating NO flux than production processes alone. Low net rates of mineralization and nitrification occur in soils where microorganisms have high assimilatory demands for inorganic N relative to the supply. In these soils, as NO diffuses away from the microsite where it was produced, it is more likely to be consumed by microorganisms in other microsites where assimilatory demands for N are high. As a result, less NO reaches the soil surface. Conversely, in soils where gross N mineralization exceeds the assimilatory demands of microbes, net rates are high, less NO is consumed, and more NO reaches the soil surface. Our results, showing that high gross rates of NO 3 Ϫ consumption in the forest floor were associated with lower NO fluxes, supports this explanation. Also, our observation that soils with high SOC and C:N ratios had lower NO flux is consistent with this interpretation, because high SOC and C:N ratios indicate higher C availability to microbes, greater assimilatory demand for N relative to N supply, and more NO assimilation. Finally, our explanation is consistent with results from other studies showing that long-term fertilization or N deposition, which saturates the microbial demand for N, increases trace N gas flux (Slemr and Seiler 1984 , Fenn et al. 1996 , Martin et al. 1998 , Hall and Matson 1999 .
Soils exposed to high NO concentrations, such as those associated with polluted air, have been shown to act as NO sinks (Johansson and Galbally 1984 , Slemr and Seiler 1984 , Baumgartner and Conrad 1992 , Skiba at al. 1994 ). Some of this NO consumption results from abiotic oxidation and dissolution of NO in soil solution forming NO 2 Ϫ and NO 3 Ϫ (Stark and Firestone 1995) ; however, NO oxidation by heterotrophic microorganisms has also been identified as an important consumptive fate for NO in soils receiving organic C additions (Baumgartner et al. 1996, Dunfield and Knowles 1997) . Dunfield and Knowles (1998) concluded that NO consumption was a function of heterotrophic microbial activity; thus, CO 2 flux and soil organic matter contents should be good predictors of net NO uptake by soils exposed to high NO concentrations. While we found that SOC concentrations were negatively correlated with NO flux (Table 2) , CO 2 flux rates were not significantly correlated with either ambient NO flux rates (r ϭ Ϫ0.42, P ϭ 0.26), or fluxes after five minutes (r ϭ 0.14, P ϭ 0.72) or one hour (r ϭ 0.19, P ϭ 0.61). These results suggest that it is not heterotrophic microbial activity per se, but the assimilatory demand for N relative to the supply rate that controls the balance between NO production and consumption. Net rates of N mineralization and nitrification appear to be good predictors of this balance, even across a wide range of forest and rangeland ecosystems.
These results suggest that certain aspects of global change may have substantial impacts on soil NO flux. Hall and Matson (1999) recently proposed that increased rates of atmospheric N deposition are likely to increase soil NO flux, especially in tropical systems. Our results support this perspective; however, they also indicate that changes in C availability may be of equal importance in determining the response of NO fluxes to global change. For example, if elevated temperatures result in a decline in SOC pools, increases in NO flux may be accentuated. Conversely, if elevated atmospheric CO 2 results in greater net primary production or addition of higher C:N organic matter to soils, increases in NO flux resulting from N deposition may be diminished. Hutchinson et al. (1997) concluded that the greatest limitation to current coarse-scale models predicting NO emissions is their failure to account for the large pulse of NO following wetting of dry soil. We found that net mineralization and net nitrification rates were strongly related to the magnitude of the NO pulse following wet-up. Therefore, net N-cycling rates, rather than gross rates, are likely to be better predictors of annual NO fluxes from soils. This information should aid efforts to model soil NO emissions, because net N-cycling rates are more easily measured than gross Ncycling rates, and extensive data sets on net rates already exist for many forest, rangeland, and agricultural soils.
